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Woody plants in water-limited ecosystems affect their environment on multiple scales: 
locally, natural stands can create islands of fertility for herb layer communities com-
pared to open habitats, but afforestation has been shown to negatively affect regional 
water balance and productivity. Despite these contrasting observations, no coherent 
multiscale framework has been developed for the environmental effects of woody 
plants in water-limited ecosystems. To link local and regional effects of woody species 
in a spatially explicit model, we simultaneously measured site conditions (microcli-
mate, nutrient availability and topsoil moisture) and conditions of regional relevance 
(deeper soil moisture), in forests with different canopy types (long, intermediate and 
short annual lifetime) and adjacent grasslands in sandy drylands. All types of forests 
ameliorated site conditions compared to adjacent grasslands, although natural stands 
did so more effectively than managed ones. At the same time, all forests desiccated 
deeper soil layers during the vegetation period, and the longer the canopy lifetime, 
the more severe the desiccation in summer and more delayed the recharge after the 
active period of the canopy. We conclude that the site-scale environmental ameliora-
tion brought about by woody species is bound to co-occur with the desiccation of 
deeper soil layers, leading to deficient ground water recharge. This means that the cost 
of creating islands of fertility for sensitive herb layer organisms is an inevitable nega-
tive impact on regional water balance. The canopy type or management intensity of 
the forests affects the magnitude but not the direction of these effects. The outlined 
framework of the effects of woody species should be considered for the conservation, 
restoration or profit-oriented use of forests as well as in forest-based carbon sequestra-
tion and soil erosion control projects in water-limited ecosystems.
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2Introduction
Forest–grassland mosaics occur all over the world at the inter-
faces of forested and grassy biomes and take up various forms, 
such as forest-steppes and savannas (Scholes and Archer 1997, 
Erdős et al. 2018a), wood-pastures created by forest thinning 
and subsequent grazing (Bergmeier et al. 2010, Hartel et al. 
2015), grasslands recently encroached by woody species (Van 
Auken 2009, Grellier  et  al. 2013), and partially afforested 
drylands, where trees are planted to reduce soil erosion, or 
to increase atmospheric carbon sequestration (Yosef  et  al. 
2018, Bastin et al. 2019). Being prime ecosystem engineers, 
woody species profoundly affect biodiversity and ecosystem 
functions, including services for human populations. Due to 
the high global abundance and extreme diversity of forest–
grassland ecosystems, there is an ongoing debate concern-
ing the net effects of woody species, namely whether woody 
species promote or mitigate overall land degradation caused 
by local anthropogenic effects or even global environmental 
changes (Eldridge et al. 2011, Bastin et al. 2019, Lewis et al. 
2019a, b).
Woody species in arid and semi-arid ecosystems affect 
their surroundings on multiple scales (Scholes and Archer 
1997). Locally, they moderate temperature extremes, par-
ticularly under the canopy, as shading leads to lower diur-
nal soil surface temperatures (Vetaas 1992). The canopy also 
reduces night-time radiative cooling compared to adjacent 
grassland sites (D’Odorico et al. 2013). Furthermore, woody 
species increase nutrient input under their canopy through 
litter turnover and by trapping and depositing airborne nutri-
ent particles (Belsky 1994, Gea-Izquierdo et al. 2009). The 
resulting improved soil conditions, such as higher macro-
porosity, lead to higher water holding capacity (Cubera and 
Moreno 2007), which, coupled with lower diurnal tempera-
tures, can reduce evaporative moisture loss (Maestre  et  al. 
2003). In addition, deep-rooted woody species can passively 
translocate water from deeper moist zones to the topsoil by 
hydraulic lift (Yu and D’Odorico 2015), further ameliorat-
ing below-canopy conditions. However, the local effects of 
woody species on the moisture balance of the topsoil also 
have negative components. For instance, the canopy can 
intercept significant proportions of precipitation, reducing 
the amount of water reaching the soil (Farley et al. 2005). As 
a result, net effects of woody species on the moisture balance 
of the understory can range from positive (D’Odorico et al. 
2007) to negative (Ludwig et al. 2004); yet more studies have 
reported positive effects in arid and semiarid ecosystems, con-
tributing to the common view that solitary woody plants or 
clumps of them represent islands of fertility for understory 
organisms (Charley and West 1975, Schlesinger et al. 1990, 
Scholes and Archer 1997, Cable et al. 2012).
However, there is evidence that the regional water balance 
and productivity tend to be negatively affected by increas-
ing tree cover in water-limited areas worldwide (Jackson et al. 
2000, Farley  et  al. 2005, Zeng  et  al. 2009). This has been 
shown by decreases in the measures of regional water yield 
such as stream flows (Scott and Lesch 1997, Buytert  et  al. 
2007) and groundwater levels (Jobbágy and Jackson 2004, 
Adane et al. 2018).
These apparently opposing views on the environmental 
effects of woody species have rarely been linked together into 
a multi-scale framework. Local effects of trees are mostly 
studied in natural or semi-natural ecosystems, such as savan-
nas (Vetaas 1992, Ludwig et al. 2004), Mediterranean open 
woodlands (Cubera and Moreno 2007, Gea-Izquierdo et al. 
2009) or continental forest-steppes (Tölgyesi  et  al. 2018), 
where native species constitute forest–grassland mosaic habi-
tats. Regional scale studies, in contrast, frequently focus on 
areas actively afforested by non-native trees, with canopy 
and root traits different from those of native trees (Bosch 
and Hewlett 1982, Farley et al. 2005, Nosetto et al. 2005, 
Buytert et al. 2007, Cao et al. 2008). Consequently, the aims 
and scopes of local and regional scale studies rarely meet, hin-
dering progress towards a multi-scale understanding of the 
effects of trees. It is thus unclear whether the different effects 
of woody species at different scales are bound to occur in the 
same systems at the same time, or do not necessarily co-occur.
In this study, we aimed to link the local and regional 
scale effects of woody species. We studied the Kiskunság 
Sand Ridge in central Hungary as a model system, because 
it is a semiarid region (Molnár  et  al. 2003, Kelemen  et  al. 
2016), where the potential natural vegetation is forest-steppe 
(Erdős  et  al. 2018a, b). Recent large scale afforestation has 
increased the cover of trees with canopy types significantly 
differing from native trees (Biró et al. 2008), providing the 
opportunity to test how canopy type modifies the local and 
regional effects of woody vegetation.
We hypothesised that the link between the local and 
regional scale effects of woody species can be best established 
by capturing processes in lower soil layers. Despite being 
rarely considered in studies dealing with the effects of woody 
species (but see Wang et al. 2018), lower soil layers can be 
assessed in a spatially explicit, fine scale manner, i.e. processes 
can be directly linked to the vegetation patches above. Lower 
soil layers are also directly associated with ground water 
recharge (Rimon  et  al. 2007, Adane  et  al. 2018) and thus 
with regional water balance and productivity (Fig. 1). Hence, 
we use the difference in lower soil moisture compared to adja-
cent grasslands as a measure of the effects of woody species on 
regional water balance.
Specifically, we tested the following hypotheses: 1) under-
story sites provide benign environmental conditions, i.e. 
reduced microclimatic extremes, moister topsoil and higher 
soil nutrient content compared to dry grassland sites (i.e. 
they function as ‘fertility islands’); 2) local effects of woody 
species are species specific and are mostly driven by differ-
ences in canopy types (annual canopy lifetime in particular); 
3) woody vegetation reduces the fraction of precipitation per-
colating into deeper soil layers more than grassy vegetation 
but, outside vegetation period, soil moisture reserves recharge 
and 4) canopy type substantially determines the dynamics of 
the desiccation–recharge cycles of deeper soil layers.
3Material and methods
Study area and sampling sites
The study was performed in the Kiskunság Sand Ridge in 
central Hungary. The climate is continental with sub-Med-
iterranean influence. Annual precipitation is 550–600 mm 
and mean annual temperature is 11–12°C. The soil is coarse 
grained calcareous arenosol with low organic matter content. 
Groundwater is usually more than 3 m below the soil sur-
face (Tölgyesi et al. 2015). The potential vegetation is forest-
steppe, i.e. a stable or slowly shifting mosaic of forest patches 
and grasslands (Erdős  et  al. 2015, 2018a). Natural forest 
patches are made up of Populus alba clones (hereafter poplar), 
while grasslands are bunch-grass steppes dominated by Stipa 
and Festuca species. Large areas of the natural vegetation have 
been cleared and turned into either low-productivity crop-
lands or, more commonly, into plantations of drought toler-
ant, non-native trees (Biró et al. 2013). The most common 
planted trees include Robinia pseudoacacia (hereafter Robinia) 
and Pinus nigra (hereafter pine).
We selected four localities, where minimum 30-yr-old, 
homogeneous stands of the three main types of trees, i.e. 
pine (evergreen), poplar (deciduous with long canopy life-
time) and Robinia (deciduous with short canopy lifetime) 
could be found close to each other at a similar elevation with 
grasslands available nearby (Fig. 2). The localities were as fol-
lows: Méntelek (N46.987, E19.571, 132 m a.s.l.), Fülöpháza 
(N46.861, E19.470, 109 m a.s.l.), Ágasegyháza (N46.804, 
E19.470, 104 m a.s.l.) and Izsák (N46.781, E19.326, 98 m 
a.s.l.). The distance between localities was 16.6 ± 8.0 km 
(mean ± SD). The average soil grain size was around 
0.25 mm both in the top and deep layers in all habitats of 
every location; the clay fraction (< 0.02 mm) was very low 
(3.67 ± 1.42 m/m%; n = 96).
Sampling design
In each locality, we selected one stand for each forest type 
(poplar, Robinia and pine) and two patches of grasslands for 
sampling in 2017 and 2018. Forest stands ranged from 0.1 
to 3 ha in size, while grasslands formed a more continuous 
matrix among forested patches. Grasslands were overrepre-
sented to gain a more solid baseline to which we could com-
pare the parameters of forested habitats. In every habitat patch 
of each locality (5 habitat patches × 4 localities), we measured 
Figure 1. Interaction of woody and grassy vegetation with precipitation (blue arrows). The canopy of woody species intercepts an appre-
ciable amount of precipitation (1), while, in grasslands, precipitation reaches the herb layer unhindered. Some moisture evaporates from the 
soil surface and the herb layer (2). Certain amounts of moisture seeping into the soil are absorbed by the roots (3). The proportion percolat-
ing through the rhizosphere (red arrows) decouples from the local vegetation and contributes to the regional water budget by eventually 
entering the groundwater. We assume the moisture contents of the lower parts of the rhizosphere and the layers below are indicative of the 
regional water balance by determining its input rate. Some woody species, can also tap into groundwater (not shown in the figure), also 
affecting the output rate, while grassy vegetation rarely does. Light grey layer: zone of the local effects of the vegetation; dark grey layer: zone 
of regional importance, i.e. the sub-rhizosphere vadose zone and the phreatic zone.
4microclimate (temperature and relative humidity) for 24-h 
periods once every 6–7 weeks over the course of an entire 
year (measurement occasions: 11–13 March, 21–23 April, 
29–30 May, 15–16 July, 28–30 August, 13–14 October, 
1–3 December and 20–21 January). We used Voltcraft 
DL-121TH data loggers installed 2–3 cm above ground and 
covered them by plastic roofs to avoid direct sunlight and to 
reduce frost precipitation on the sensors. In January, some 
sensors were fully covered in snow, while others could still 
communicate with above-snow air. This introduced a high 
variability in the data, confounding the effects of vegetation 
cover; therefore, we discarded this occasion from the analysis 
of microclimatic data.
To assess canopy cover, we took two to four digital photos 
of the canopy of each forest patch from 1 m above ground 
on every sampling occasion. According to Paletto and Tosi 
(2009), wide-angle photos overestimate canopy cover; there-
fore, we used a comparatively narrow angle setting (72 mm, 
equalling a diagonal angle of 34.4°). We took the photos near 
the microclimate stations (0–10 m from them) in spots where 
the trees had typical canopy structure and stem density. In 
October, we also took soil samples from the upper and lower 
soil layers of all habitat patches for soil analysis. The top 10 cm 
of the soil was too heterogeneous owing to a high amount of 
partially degraded litter and the thick rhizosphere of herba-
ceous species; therefore, we collected the upper sample from 
10 to 20 cm deep. Since we encountered very few tree roots 
below 60 cm, we took the lower sample from 70 to 80 cm 
deep, using two replicates per patch (5 habitat patches × 4 
localities × 2 replicates per patch, making 40 sampling sites) 
and measured humus and nitrogen content in a soil labo-
ratory. Replicates within patches were spaced at least 20 m 
apart, in order to capture different tree individuals.
For soil moisture measurements, we drilled a 110 cm deep, 
cylindrical hole, with a diameter of 15 cm, in all the 40 sam-
pling sites on each of the eight sampling occasions, using 
a soil auger. Roots that could not be tackled by the auger 
were gently cut through by a branch cutter. If a major root 
was encountered, we discarded the hole and started drilling 
another one nearby. We measured moisture content in every 
10 cm soil depth segment as we proceeded downwards. We 
used a TDR 300 soil moisture meter, and made three vertical 
measurements in every segment, leading to a grand total of 
11 520 soil moisture records covering the upper 120 cm of 
the soil. We considered 120 cm sufficiently deep because pop-
lar and Robinia have the highest root density at soil depths of 
20–80 cm and 20–60 cm, respectively (Cao et al. 2007) and 
pine has the majority of its roots, including fine roots, in the 
upper 50 cm (Hoffmann and Usoltsev 2001).
Data analysis
We converted the canopy photos to black-and-white with 
manual thresholding (GIMP 2.8.10 software). Black pixels 
corresponded to leaves and branches and white pixels to the 
sky. We expressed canopy cover as the percentage of black 
pixels and used it as a proxy for the capacity of the canopy 
layer to intercept precipitation and its transpiration potential. 
Resulting canopy cover scores were compared across forest 
types with linear mixed-effects models. We built a model for 
each occasion and used locality as the random factor.
Regarding microclimatic recordings, synchronised 24-h 
periods could not be acquired for all five habitats of all four 
localities due to damage to the measuring stations (vandal-
ism or damage by wild animals), and one of the localities 
provided reliable data only in two occasions (Supplementary 
material Appendix 1 Table A1). Nevertheless, the resulting 
sample size per forest type (n = 19–21) was suitable for statis-
tical analysis. We standardized microclimatic data to the local 
average grassland values, i.e. average grassland data of a loca-
tion were subtracted from the data of the adjacent forested 
habitats for every measurement time point. In the subsequent 
analysis, we separated daytime (10 am–4 pm) and night-time 
(10 pm–4 am) periods and avoided transitional periods dur-
ing sunrise and sunset. We tested the effect of canopy cover on 
average daytime and night-time microclimatic variables (day-
time and night-time temperature and relative humidity dif-
ferences) with simple linear regression in the case of Robinia 
and poplar forests. The canopy of pine forests remained stable 
throughout the year and thus no cover gradient was available. 
Figure 2. Geographical position of the studied localities (black dots) in the Kiskunság Sand Ridge (grey area), central Hungary.
5Therefore we used one-sample t-tests with 0 as the hypotheti-
cal value to test whether the canopy of pine forests affects the 
microclimate compared to grasslands.
We prepared linear mixed-effects models for the soil 
parameters (humus and nitrogen content). We used habitat 
type (four levels: poplar, Robinia, pine and grassland) and 
depth layer (two levels: upper and lower) as ‘fixed-factors’ and 
included locality as ‘random factor’.
We averaged the three moisture values per depth seg-
ment of each hole and then grouped the 12 segments into six 
thicker layers (0–20 cm, 20–40 cm, etc.) by averaging the cor-
responding average records. Resulting moisture values were 
analysed with linear mixed-effects models (fixed effect: habi-
tat type; random effect: locality). Separate models were pre-
pared for each depth in each measurement occasion, resulting 
in a total of 48 models (8 occasions × 6 depth layers).
Statistical analysis was performed in R environment (R 
Core Team). We used the ‘lme’ function of the ‘nlme’ pack-
age for preparing linear mixed-effects models (Pinheiro et al. 
2019). We used the built-in ‘anova’ function to test whether 
the models explain a significant proportion of the variation 
of the data. Pairwise comparisons of the levels of fixed factors 
with more than two levels (forest types and habitat types) 
were also considered in significant models. We adjusted 
the resulting pair-wise p-values for multiple comparisons 
using the fdr (false discovery rate) method (Benjamini and 
Hochberg 1995).
Results
Canopy cover
Canopy cover in pine forests was stable throughout the year 
(79.9 ± 3.2%, mean ± SD). By April, poplar forests had 
unfolded their leaves and their cover reached that of the pine 
forests. Robinia forests were still mostly dormant in April. In 
May, we detected similar levels of canopy cover in every for-
est type. Scores were similar in July, August and October. In 
December, as deciduous trees shed their leaves, their canopy 
cover dropped and remained low also in January (Fig. 3, 
Supplementary material Appendix 1 Table A2).
Microclimate
Increasing canopy cover in Robinia forests decreased daytime 
but increased night-time temperature relative to grasslands. 
Humidity was affected positively by the canopy cover both 
during the day and at night, but the effect was stronger during 
the day, indicated by a more than two times higher estimate 
for daytime relationship than for the night-time one. Poplar 
forests showed the same pattern with the exception that no 
statistically significant increasing trend could be confirmed 
for night-time temperature (Fig. 4, Supplementary material 
Appendix 1 Table A3, Fig. A1, A2). Under the stable canopy 
of pine forests, temperature was around 8.2 ± 3.9°C lower 
during the day than outside, while night-time temperature 
was only slightly higher under the canopy. No statistically 
significant effect could be found for night-time humidity but 
daytime humidity was 14.0 ± 9.7% higher than in the grass-
lands (Supplementary material Appendix 1 Table A3, Fig. 
A1, A2).
Soil composition
Humus and nitrogen contents were higher in the upper layer 
of the soil than in the lower layer in all habitat types. Poplar 
forests had higher humus content than the other habitat 
types in both layers; Robinia forests, pine forests and grass-
lands had identically low humus contents. Nitrogen content 
was very high in Robinia forests, while the other habitat types 
had identically low values (Fig. 5, Supplementary material 
Appendix 1 Table A4).
Soil moisture
We found striking differences in the annual vertical soil mois-
ture cycles of the studied habitat types (Fig. 6, Supplementary 
material Appendix 1 Table A5). In March, poplar and Robinia 
forests had moister topsoil (upper 20 cm) than grasslands, but 
pine forests did not. At deeper layers, grasslands, poplar for-
ests and Robinia forests had similar moisture contents, while 
pine forests were drier than the other habitats at depths of 
40 and 60 cm. In April, all forest types were moister in the 
topsoil than grasslands. Poplar forests developed a dry zone 
at 100–120 cm deep, and, below 20 cm, pine forests depleted 
most of their soil moisture and became drier than any of the 
other habitats. In May, topsoil was moister in poplar and 
Robinia forests than in grasslands but the moisture content 
of the deeper soil layers of the forests remained below that of 
the grasslands. Pine forests were drier than the other habitats 
throughout the entire vertical soil section. In July, conditions 
were similar to May, although desiccation in the deeper soil 
layers of poplar forests progressed and the moisture contents 
became similar to those in pine forests. Topsoil conditions 
Figure 3. Canopy cover of Robinia (blue), poplar (brown) and pine 
(red) forests over the course of a year. Lower case letters above boxes 
identify significantly different groups within each occasion (linear 
mixed-effects models).
6Figure 4. Effects of canopy cover on microclimatic variables in Robinia and poplar forests as compared to open grasslands. Pine forests are 
not shown because their canopy cover remained within a very narrow range throughout the year. Trend lines in red indicate significant 
relationship. DT: daytime; NT: night-time.
7remained unchanged in August compared to May and July 
but by this time even Robinia forests had reached the same 
low moisture contents in most of the deeper soil layers as 
poplar and pine forests. The topsoil of poplar and Robinia 
forests was moister than that of grasslands in October but 
deeper soil layers started to recharge. Recharging of deeper 
layers showed a more advanced stage in December, with only 
pine forests being drier than grasslands. Recharge of deeper 
soil layers had been complete by January, with very similar 
moisture levels in the studied habitats along the soil section. 
The moisture content of deeper soil layers was between 5 and 
6 v/v%, which was presumably the field capacity of the stud-
ied sand soil.
Discussion
Islands of fertility?
Being prime ecosystem engineers, woody species profoundly 
modify local environmental parameters. Consequently, in 
mosaic habitats, where forested and grassy communities 
intermingle, trees introduce significant heterogeneity into the 
ecosystem (Fernández-Moya et al. 2011, López-Sánchez et al. 
2016). In the studied semiarid ecosystem, we found evidence 
for this environmental heterogeneity in microclimate, soil 
nutrient content and topsoil moisture. Organisms inhabiting 
the understory of the studied forest patches do not need to 
face the diurnal heat stress typical of grasslands in summer, 
and the cold stress is also reduced during spring nights, which 
is a sensitive period for seedlings and young shoots of under-
story plants (Coop and Givnish 2008, Inouya 2008). In 
addition, from spring till autumn, both air humidity and the 
topsoil moisture tended to be higher under the canopy of trees 
than in the grasslands, further ameliorating conditions for 
drought-intolerant organisms. We also found that poplar for-
ests accumulated more humus in both studied soil layers than 
grasslands, while nitrogen was more abundant in Robinia for-
ests than in grasslands, due to the high nitrogen-fixing capac-
ity of this species (Cierjacks et al. 2013, Vítková et al. 2017). 
Our data thus confirm that the forest patches of the studied 
region represent islands of fertility; therefore, the studied 
forest–grassland mosaic appears typical of arid and semiarid 
ecosystems, with respect to the local effects of woody species 
(Charley and West 1975, Schlesinger et al. 1990, Scholes and 
Archer 1997, Cable et al. 2012).
Canopy type and micro-site effects
The effects of the different tree species on understory con-
ditions can be associated to their canopy types, especially 
annual canopy lifetime. Since the canopy cover of Robinia 
forests is low during spring, they cannot protect the 
understory from occasional night frost as well as pine or 
poplar trees. In addition, poplar and pine forests can pro-
vide shelter for early spring, cool-adapted organisms dur-
ing the day. In temperate forest–grassland mosaics such as 
the forest-steppe zone, these effects may be important eco-
system functions of tree canopies; however, Robinia forests 
cannot perform them.
We found that poplar forests increased the humus content 
in the topsoil compared to grasslands, but Robinia and pine 
forests did not. This can be associated to management inten-
sity, as poplar forests are unmanaged natural habitats, while 
Robinia and pine stands are plantations exposed to periodic 
soil disturbance during forestry activities (Zeng et al. 2009). 
This effect outweighed the high nitrogen content in Robinia 
forests, which could otherwise promote high herb layer pro-
ductivity, but here was not enough to support higher humus 
formation in the soil. The lack of increased humus content 
in Robinia forests can also be explained by the low scleren-
chyma and overall organic matter content of the leaves per 
area unit, which may also enable quicker decomposition. 
These assumptions are supported by the high specific leaf area 
of Robinia (Robinia pseudoacacia, 17.9 mm2 mg−1) compared 
with poplar (Populus alba, 11.2 mm2 mg−1) and pine (Pinus 
sylvestris, 5.4 mm2 mg−1; source: LEDA trait base; Kleyer et al. 
2008).
Additionally, the topsoil of pine forests was drier than that 
of grasslands in summer. This can be caused by a more super-
ficial root system but the most likely explanation is the high 
canopy interception of precipitation in pine forests. Although 
the canopy cover showed little variation between forest types 
in summer, there is evidence that the thick bunches of needles 
in the canopy of coniferous trees intercept more precipitation 
Figure 5. Humus and nitrogen content of the soil of sandy poplar, 
Robinia and pine forests and grasslands in the upper (10–20 cm, 
white bars) and lower soil layers (70–80 cm, grey bars). Different 
letters indicate significantly different groups. Capital and lower case 
letters belong to the upper and lower soil layers, respectively.
8than the flat leaves of deciduous trees (Silva and Rodríguez 
2001, Farley  et  al. 2005, Brygadyrenko 2014). This effect 
seems to hinder the creation of moist enclaves in the under-
story of pine trees in semiarid ecosystems during summer 
(see also Tölgyesi et al. 2018, for similar findings in central 
Asia). Natural stands of poplar trees therefore represented the 
highest quality islands of fertility, compared to the managed 
plantations of the other tree species.
Figure 6. Vertical soil moisture distributions of sandy grasslands (grey), and poplar (green), Robinia (blue) and pine (red) forests in the upper 
120 cm of the soil over the course of a year. Stripes encompass smoothed 95% confidence intervals. Stripes are over-plotted hierarchically 
(grassland > pine > Robinia > poplar).
9Lower soil moisture
In summer, when water balance was lowest due to high diur-
nal temperatures and high rates of transpiration, all forest 
types removed most of the moisture content from lower soil 
layers. At the same time, grasslands did not tap the mois-
ture stored in lower soil layers; moisture content in grass-
lands remained constant below 40 cm throughout the year. 
The approximately 5 v/v% we detected is likely to be the 
field capacity of the coarse-grained sand soils of the studied 
ecosystem.
The fact that soil moisture was periodically below field 
capacity in the deeper forest soil layers suggests forest soils 
experience less groundwater recharge following precipitation 
than grasslands, a phenomenon which has been observed 
elsewhere (Walter and Breckle 1986). During these periods, 
the topsoil of grasslands was also very dry, but the thickness of 
this top layer was a fraction of the dry layer we found under 
the trees. Our findings thus demonstrate how individual 
trees as well as forests and tree plantations may contribute to 
decreases of water balance at the regional scale. Groundwater 
in the Kiskunság Sand Ridge dropped by 1–3 m on average in 
the second half of the 20th century (Szilágyi and Vörösmarty 
1997) and intensive afforestation was suspected as a major 
driver (Zsákovics et al. 2007), although the extreme desiccat-
ing effect of trees in lower soil layers was hitherto unknown. 
Our study provides spatially explicit evidence for this effect 
which is coherent within the context of regional moisture 
dynamics.
Interestingly, the observed below-ground moisture pattern 
is little recorded in the international scientific literature, for 
which we posit two possible explanations. First, this pattern 
may be specific to the studied region; second, it is more com-
mon but mostly overlooked. We deem the first explanation 
unlikely because our study confirmed the island of fertility 
concept, which is typical for semiarid forest–grassland mosa-
ics; therefore, there is little indication that untypical pro-
cesses should take place below the topsoil. However, in finer 
textured soils, which have different water holding capacity 
and thus different rates of infiltration, the pattern may be 
less pronounced or even different. For instance, Warren et al. 
(2005) showed that lower soil layers can be moister than the 
topsoil both in semiarid grasslands and pine forests, although 
those lower soil layers had finer texture than the topsoil. 
The observed pattern may also differ in extremely arid areas 
which lack enough precipitation to infiltrate lower layers. For 
instance, Bhark and Small (2003) showed that water infiltra-
tion rarely exceeds half a meter after rainy periods in woody–
grassy mosaics of New Mexico, while Yang et al. (2012) also 
found a lack of deep soil recharge in arid forest-steppes of 
the Chinese Loess Plateau. Nevertheless, large sandy regions 
with sparse tree cover and good soil infiltration capacity, such 
as the Namibrand in South Africa (Krug 2017), the Keerqin 
area in NE China (Zeng et al. 2009), the Nebraska Sand Hills 
in North America (Adane et al. 2018) or the Doñana sand 
dunes in Spain (Munoz-Reinoso and Novo 2005) may show 
soil moisture patterns similar to our findings.
The second possible explanation for the lack of reported 
different effects of trees on topsoil and lower soil layers 
may be the frequently low resolution of layer thickness. For 
instance, Yang et al. (2012) studied the upper 8 m of the soil 
under afforested areas in China but only considered 1 m thick 
layers. Although Cubera and Moreno (2007) found that deep 
soil layers (1–2 m) were moister below grasslands than below 
trees in a Mediterranean open woodland, they found no clear 
trend for the upper 1 m and did not investigate differences 
between thinner layers of soil (< 1 m). Thus, we believe the 
soil moisture pattern we described may be widespread, but 
can only be detected with a high-resolution analysis of the 
soil layers. Nevertheless, further research is needed, under dif-
ferent macroclimatic conditions and soil textures, to identify 
drivers of desiccation of lower soil layers while maintaining 
improved microsite conditions in the understory.
Canopy type and lower soil moisture
Canopy type had a clear effect on the desiccation kinetics of 
lower soil layers. The earliest seasonal decline in soil moisture 
was detected under pine forests, corresponding to their high 
canopy interception of precipitation throughout the year, as 
well as the ability to transpire during warm late winter and 
early spring days (Schulze  et  al. 2002). The canopy cover 
scores of poplar forests increased earlier than those of Robinia 
forests, which also correlated with the earlier decline of soil 
moisture under poplar forests than under Robinia planta-
tions. At the end of the vegetation period, the recharge under 
deciduous forests could also occur faster than below pine 
forests, since deciduous trees lost most of their transpiration 
and interception capacity as they shed leaves, while intercep-
tion did not change in pine forests. Our results thus suggest 
that the longer the annual lifetime of the canopy, the more 
intensive and more prolonged the desiccating effect on lower 
soil layers. This trend conforms to regional scale differences 
in water yield effects of different trees. For instance, Populus 
tremula, a close relative of the poplar species of the present 
study (P. alba), causes a 20–40% regional water deficit com-
pared to grasslands in a forest-steppe area of the Chinese 
Loess Plateau (Cao et al. 2008), while water yield reductions 
after afforestation with pines amount for 40–50%, largely 
irrespective of macroclimatic conditions (Farley et al. 2005, 
Buytaert et al. 2007). To the best of our knowledge, regional 
drying effects of deciduous forests with short and long can-
opy lifetime have not been previously compared, but based 
on our results, we can assume a lower regional water balance 
in areas with deciduous forests with longer annual canopy 
lifetime.
Conclusions
Our findings revealed that trees in a semiarid, sandy forest–
grassland ecosystem ameliorate micro-site conditions under 
their canopy compared to grasslands. This ‘island of fertil-
ity’ effect is stronger in natural forest stands, but intensively 
managed tree plantations also temper micro-environmental 
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extremes for understory organisms. However, the cost of this 
local effect is the desiccation of lower soil layers in all forest 
types, leading to deficient groundwater recharge below for-
ests. This finding establishes a direct link between the local 
ameliorating effects and the regional drying effects of trees, 
which, we conclude, can co-occur in the same ecosystems 
simultaneously. These concordant effects of woody species 
on different scales must be carefully considered during the 
conservation or restoration of natural forest–grassland mosa-
ics, the profit-oriented use of tree plantations, and the affor-
estation of water-limited areas to target soil erosion control 
and, in particular, carbon sequestration. The potential of 
forest-based carbon sequestration to mitigate climate change 
has received great attention lately. The best-case scenario of 
Bastin et al. (2019), which calculates with the afforestation of 
all land that can maintain trees has promising results, while 
others raise serious concerns about the credibility of their 
model (Lewis et al. 2019a). For instance, afforestation entails 
a drop in albedo in high latitudes, which enhances warming 
(Lewis et al. 2019b). Veldman et al. (2019) argues against the 
afforestation of sparsely wooded ecosystems, such as savan-
nas, as it would likely cause biodiversity loss. Our findings 
highlight that drylands with coarse soil texture are especially 
weak candidates for climate mitigation by afforestation, but 
if land managers decide for afforestation anyway, trees with 
short annual canopy lifetime should be chosen.
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